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H I G H L I G H T S  

� Speciated Hg, meteorology, and aerosol compositions were synchronously observed. 
� RM partitioning strongly depended on temperature in the colder season. 
� Effects of aerosol compositions on RM partitioning were discussed. 
� Relative contribution of RM partitioning to PBM in different seasons was determined.  
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A B S T R A C T   

Speciated atmospheric mercury including reactive gaseous mercury (RGM), particle bound mercury (PBM), and 
gaseous elemental mercury (GEM) were measured for a two-year period in Ningbo city, the Yangtze River Delta, 
China. Averaged concentrations of PBM and RGM were 316 � 377 pg m� 3 and 100 � 123 pg m� 3, respectively, 
with the highest RGM/PBM ratio in summer (0.73 � 1.31) and the lowest in winter (0.35 � 0.56). The rela-
tionship between RGM/PBM ratio and PM2.5 was nonlinear. When PM2.5 fell in the range of 15–100 μg m� 3, the 
PBM increased, the RGM decreased, and the RGM/PBM ratio showed an obvious decreasing trend as PM2.5 
increased. An empirical linear relationship between log(1/Kp) and 1/T was obtained for different seasons. The 
correlation coefficient and slope of the equation were highest in winter, suggesting that T explained more for Kp 
variation and RM transferred quickly to the particle phase in the cold season. The relationships between Kp and 
aerosol compositions show that Kp increased with increasing fractions of Organics (Org), nitrate (NO3), and 
chloride (Chl) and decreasing fractions of sulfate (SO4) and ammonium (NH4) in aerosols. Principle component 
analysis - multiple linear regression (PCA-MLR) was used to evaluate the relative contributions of gas-particle 
partitioning of RM and sectional primary emissions to PBM in different seasons. The results show that the 
contributions of RM partitioning to PBM were 28.0% in spring, 28.3% in summer, 31.2% in autumn, and 39.2% 
in winter, which was well explained by the seasonal variations of temperature and aerosol compositions.   

1. Introduction 

Atmospheric mercury (Hg) exist as two forms of gaseous elemental 

mercury (GEM) and reactive mercury (RM, or oxidized Hg). RM in gas 
and particle phases are often known as reactive gaseous mercury (RGM) 
and particle bound mercury (PBM) respectively, which were widely 
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determined by Hg collected on a denuder coated with KCl and on a 
downstream quartz filter (Landis et al., 2002). RM contributed generally 
less than 5% of total atmospheric Hg (Schroeder and Munthe, 1998), but 
in the Arctic, the contribution could be up to 100% (Gustin et al., 2015; 
Steffen et al., 2015). RM still plays an important role in Hg cycle. Due to 
its high water solubility and high chemical reactivity, RM is the main Hg 
species entering aquatic systems via wet and dry depositions. Conse-
quently, it can be transformed into a more toxic form, methylmercury 
(MeHg), that is potentially harmful to human health (Schroeder and 
Munthe, 1998; AMAP and UNEP, 2013). Moreover, the gaseous and 
particulate RM are removed from the atmosphere via different physical 
processes and deposited with different rates (Seinfeld and Pandis, 2006). 
Hence, understanding the characteristics of RM in the atmosphere is 
essential to estimate Hg deposition and to assess atmospheric Hg 
exposure. 

Levels of PBM and RGM in the atmosphere are mainly controlled by 
primary emissions, GEM oxidation processes, gas-particle partitioning, 
and depositions (Zhang et al., 2013; Qin et al., 2019). Since GEM ac-
counts for majority of Hg in the atmosphere, RGM formed by GEM 
oxidation and RGM distribution to particle phase can significantly affect 
RGM and PBM concentrations. Gas-particle partitioning of RM is an 
inter-conversion process and was generally described as a partition co-
efficient (Kp). Rutter and Schauer (2007a) first found that the 
gas-particle partitioning of RM in both ambient and laboratorial con-
ditions was strongly temperature dependent and the relationship be-
tween Kp and temperature was similar to polycyclic aromatic 
hydrocarbons partitioning (Pankow, 1992). Many later studies have 
confirmed the influence of temperature on partition coefficients (Amos 
et al., 2012; Cheng et al., 2014; Lee et al., 2016; Zhang et al., 2019). RM 
partitioning was also found to be affected by aerosol chemical compo-
sitions in a laboratorial study (Rutter and Schauer, 2007b). That study 
indicated that nitrate and chloride particles had a high partition coef-
ficient, while ammonium sulfate had a low coefficient. However, the 
field research about this issue is very limited (Duan et al., 2016; Zhang 
et al., 2019) because aerosol chemical compositions are difficult to 
obtain. 

Knowledge of RM partitioning in gas and particle phases is signifi-
cant for Hg chemical transport models. Previous atmospheric Hg models 
assumed that RM partitioning between gas and particle phases should be 
a fixed ratio (Holmes et al., 2010; Bash et al., 2014), which is not 
consistent with the real atmosphere. Up to now, gas-particle partitioning 
of RM was studied mainly in North America (Amos et al., 2012; Cheng 
et al., 2014) and sporadically in Korea and China (Lee et al., 2016; Zhang 
et al., 2017a, 2019). Empirical coefficients of RM partitioning in various 
regions are necessary to evaluate the models’ accuracy. What’s more, a 
recent study conducted in Beijing found that the coefficient of RM 
partitioning differed among the seasons. This suggests that there is a 
great need to improve our understanding of RM partitioning in different 
seasons (Zhang et al., 2019). 

In China, the total Hg emission from anthropogenic sources was 
estimated to be ~500 t yr� 1 (AMAP and UNEP 2013; Zhang et al., 2015). 
The Yangtze River Delta (YRD) region is one of the heaviest Hg polluted 
areas in China due to its dense industries (Zhang et al., 2015). The 
anthropogenic emission of RGM (108 μg m� 2) was about 20 times higher 
than PBM emissions (5.1 μg m� 2) in the YRD region. However, lower 
atmospheric concentrations of RGM compared to PBM are widely re-
ported in the YRD region, like Shanghai (Duan et al., 2017; Qin et al., 
2019) and Ningbo (Hong et al., 2016). The results suggest an important 
contribution of gas-particle partitioning to atmospheric PBM. In this 
study, we presented the distribution of RM between gas and particle 
phases based on two years observation of speciated Hg in a coastal city 
of the YRD region; investigated how temperature and aerosol chemical 
compositions affect gas-particle partitioning of RM; and more impor-
tantly, we evaluated the relative contribution of RM partitioning to PBM 
compared to primary emissions in different seasons. 

2. Experiment 

2.1. Site description 

Atmospheric speciated mercury were measured on the rooftop of a 
15 m tall building of the Urban Environment Observation and Research 
Station in Beilun District, Ningbo, China (121.91� E, 29.87� N, Fig. S1). 
Ningbo is located in the YRD region and on the east coast of China, 
closely linking the Pacific Ocean. A large coal-fired power plant (5000 
MW) is located 21 km northwest of the sampling site and a Chlor-alkali 
plant is located 22 km northeast of the site. An automobile assembly 
plant is located within 1 km of the site. Ningbo features a subtropical 
monsoon climate. The weather is relatively moderate with a perennial 
mean temperature of 16.4 �C (the highest in July and the lowest in 
January) and a mean precipitation of 1480 mm. The prevailing wind in 
Ningbo is from the southeast in summer and from the northwest in 
winter. 

2.2. Observation and data description 

2.2.1. Speciated Hg analysis 
Long term observations of GEM, PBM, and RGM were conducted 

using an automated Tekran 2537b/1130/1135 system (Tekran Inc., 
Toronto, Canada). A detailed description of this instrument can be found 
in previous studies (Xu et al., 2015; Hong et al., 2016). This study 
focused more on PBM and RGM concentrations directly associated with 
gas-particle partitioning of RM, while GEM was not the major species 
adsorbing onto particles (Schroeder and Munthe, 1998). A number of 
studies have indicated large discrepancies in PBM and RGM measure-
ments by different collection and detection methods (Talbot et al., 2011; 
Huang et al., 2013). However, the uncertainties in PBM and RGM 
measurements can not be well quantified, because chemical forms of 
oxidized Hg are not clear and there is a lack of acceptable calibration 
methods (Jaffe et al., 2014; Gustin et al., 2015). Up to now, the Tekran 
system is the most common method, especially being adopted by 
monitoring networks worldwide. Keeping the bias derived from Tekran 
system in mind, this study tried to interpret the distribution of RM in gas 
and particle phases qualitatively based on a large amount of data. The 
time resolution of PBM and RGM concentrations was 2 h, with 1 h for 
sampling and the following 1 h for analysis. Strict QA/QC measures 
were taken for the Tekran system. The Tekran analyzer underwent 
routine internal calibration with Hg permeation source every day and 
external calibration with a Tekran 2505 every year. The KCl-coated 
annular denuder was replaced bi-weekly and the quartz filter was 
replaced monthly. PBM and RGM concentrations during the year of 
2015 and 2017 were analyzed in this study and the data under method 
detection limit (MDL) (1.25 pg m� 3, Hong et al., 2016) were excluded 
from the analysis. 

2.2.2. Air pollutants and meteorology 
Concentrations of SO2, CO, NO2 and O3 were measured by Model 

43i, 48i, 42i, and 49i, respectively (Thermo-Fisher Scientific Inc., USA). 
The gas analytic systems were calibrated every 2–3 weeks and a zero 
check was made for the CO analyzer every week. The systems pre-filter 
was replaced every 10–30 days. Concentrations of PM2.5 and PM10 
were determined by a TEOM R&P 1400 sampler (Thermo-Fisher Sci-
entific Inc., USA) with a mass resolution of 0.01 μg m� 3 and precious of 
�1.5 μg m� 3 (1 h average) and �0.5 μg m� 3 (24 h average). The flow 
rate was monitored and calibrated every month. The TEOM filter was 
exchanged when the filter loading percentage was greater than 90%. 
Temperature (T) and relative humidity (RH) were monitored by an 
automatic weather station (WS500-UMB, Lufft, Germany) with precious 
of �0.2 �C and �2%, respectively. 

2.2.3. Aerosol compositions analysis 
Chemical compositions of non-refractory PM1 (NR-PM1, with an 
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aerodynamic diameter < 1 μm) derived from an Aerodyne aerosol 
chemical speciation monitor (ACSM) were used in this study as no data 
of PM2.5 chemical compositions were available. Aerosol chemical com-
positions were measured during January ~ May 2015 and July ~ 
December 2017 covering four seasons. A detailed description of ACSM 
can be found in the previous study (Sun et al., 2012). Major chemical 
components included organics (Org), sulfate (SO4), nitrate (NO3), 
ammonium (NH4), and chloride (Chl). Before analysis, the data of 
aerosol compositions were processed as 2 h averages to match the 
sampling interval of RM. 

2.3. Regression models development 

2.3.1. RM gas-particle partitioning coefficient (Kp) 
Gas-particle partitioning of RM is expressed as a partition coefficient 

(Kp) which is determined by the RGM, PBM, and PM2.5 concentrations. 
We used this equation to calculate Kp (m3 μg� 1) (Rutter and Schauer, 
2007a):  

Kp ¼ (PBM/PM2.5)/RGM                                                                  (1) 

where PM2.5 is the mass of PM2.5 (μg m� 3), PBM and RGM are the 
concentrations of RM (pg m� 3) in PM2.5 and in the gas phase, respec-
tively. In this study, Kp derived from the 2 h average concentrations of 
RGM, PBM, and PM2.5. 

2.3.2. Kp – Temperature model 
Previous studies have applied regression models to examine the 

relationship between Kp and T, and a linear regression model between 
log(1/Kp) and 1/T was widely used (Rutter and Schauer, 2007a; Cheng 
et al., 2014). We used this linear equation:  

Log (1/Kp) ¼ a þ b (1/T)                                                                  (2) 

where a and b are coefficients, T is the atmospheric temperature (K). A 
total of 6078 paired log(1/Kp) and 1/T data were obtained. In order to 
describe how Kp changes with T, the T bins averaging method (Cheng 
et al., 2014) was applied. The temperature ranged from � 2.0 �C to 34.5 
�C was set to each 1 �C bin. T bins with more than 10 Kp values were used 
in the linear regression analysis. 

2.4. PCA-MLR 

In this study, principle component analysis - multiple linear regres-
sion (PCA-MLR) was conducted to explore the factors influencing PBM. 
Air pollutants concentrations (SO2, NO2, CO, and PM), PBM and Kp were 
used in PCA. Kaiser-Meyer-Olkin (KMO) and Bartlett’s tests were 

applied to the data before factor analysis. The KMO test was larger than 
0.5 and Bartlett’s test was lower than 0.001, indicating that the data 
were suitable for factor analysis. Furthermore, the PCA factor scores 
were taken as independent variables and the z-score of PBM as depen-
dent variables. MLR was further performed to assess the relative 
contribution of RM partitioning to PBM in different seasons. 

3. Results and discussion 

3.1. Characteristics of reactive mercury (RM) 

Average concentrations of GEM, PBM, RGM, and air pollutants and 
the ratio of RGM/PBM in different seasons are summarized in Table 1. 
The average concentrations (�standard deviation) of GEM, PBM, and 
RGM were 2.6 � 1.0 ng m� 3, 316 � 377 pg m� 3, and 100 � 123 pg m� 3 

during the whole study period, respectively. The concentration of PBM 
was the highest in winter, the lowest in summer, and moderate in spring 
and autumn. Similar seasonal variation was observed in these air pol-
lutants, SO2, NO2, PM10, and PM2.5. As previous studies reported, 
increased PBM in winter could be attributed to suppressed air diffusion, 
intense combustion for residential heating, and enhanced gas-particle 
partitioning of RM due to low temperature (Rutter and Schauer, 
2007a; Qin et al., 2019). The concentration of RGM was highest in 
spring. Similar seasonal pattern was also observed in Xiamen and Bei-
jing, China and New York State, US (Choi et al., 2013; Xu et al., 2015; 
Zhang et al., 2019). The higher O3 in spring could partly contribute to 
the enhanced photo-oxidation of GEM to RGM, which is backed up by a 
closer correlation between RGM and O3 in spring than in other seasons 
(Table S1). Generally, the photo-oxidation of GEM was enhanced in 
warm seasons (spring and summer) due to the strong solar radiation and 
rich oxidants. However, the removal of RGM associated with more rain 
in summer probably resulted in the lower RGM in summer (Choi et al., 
2013). 

The ratio of RGM/PBM was 0.53 � 0.86 in average, indicating that 
PBM accounted for two thirds of total RM in the atmosphere. RGM/PBM 
ratio varied largely among locations. The value of this study was lower 
than those reported from Canada (0.89 and 0.92), USA (0.62–2.57) and 
Korea (0.73–1.14) and those from remote and island areas of China 
(0.84 in Mt. Changbai and 1.35 in Dianshan Lake), but generally higher 
than those conducted in urban areas of China (such as 0.10 in Guiyang 
and 0.22 in Beijing) (Table S2). The results imply that RM was more 
dominated by particle phase than gas phase in regions with elevated 
particle pollution. The RGM/PBM ratio in Ningbo was the highest in 
summer (0.73 � 1.31), followed by autumn (0.58 � 0.71) and spring 
(0.45 � 0.65), and the lowest in winter (0.35 � 0.56). The distance of 
anthropogenic emission sources would change RGM/PBM ratio because 

Table 1 
Statistics for bi-hourly GEM, PBM and RGM concentrations, the ratio of RGM/PBM, air pollutants concentrations, temperature (T) and relative humidity (RH) during 
the study period.   

Spring Summer Autumn Winter Whole period 

Mean SDa Mean SD Mean SD Mean SD Mean SD 

GEM (ng m� 3) 2.7 0.9 2.4 0.8 2.6 1.0 2.8 1.1 2.6 1.0 
PBM (pg m� 3) 348 322 164 192 290 420 510 467 316 377 
RGM (pg m� 3) 122 169 72.9 88 98 100 102.8 98.1 100.0 123 
RGM/PBM 0.45 0.65 0.73 1.31 0.58 0.71 0.35 0.56 0.53 0.86  

SO2 (μg m� 3) 11.0 4.5 8.4 4.6 9.2 5.9 12.7 9.8 10.3 6.7 
NO2 (μg m� 3) 22.9 13.1 12.7 7.7 25.3 16.6 37.4 21.5 24.5 17.8 
CO (mg m� 3) 0.49 0.20 0.50 0.15 0.82 0.34 0.97 0.61 0.69 0.42 
O3 (μg m� 3) 95.6 37.7 85.9 42.7 80.3 41.9 57.9 31.1 80.0 41.0 
PM10 (μg m� 3) 45.3 27.0 33.1 17.9 43.0 27.4 68.1 50.6 47.4 35.3 
PM2.5 (μg m� 3) 26.6 14.4 20.4 11.8 25.4 17.0 40.9 31.7 28.3 21.6  

T (�C) 15.3 4.8 25.9 3.0 20.1 4.9 8.4 3.3 17.5 7.6 
RH (%) 85.1 14.5 92.7 7.3 84.5 12.7 75.8 17.1 84.6 14.6  

a SD is the standard deviation. 
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the residence time of RGM is generally shorter than PBM (Lee et al., 
2016; Qin et al., 2019). According to a recent study, the GEM at the 
study site was strongly contributed by local and regional emission 
sources, such as the nearby industrial activities, the northwestern 
coal-fired power plant, and the transport from surrounding provinces 
with large amount of Hg emissions, while the contribution of long range 
transport was small (Yi et al., 2020). Thus, it could be speculated that the 
local/regional emission sources were the important contributors to RGM 
and PBM in the study area. Significant positive correlations of RGM and 
PBM with SO2 (r ¼ 0.32 and 0.43, p < 0.01, Table 2) support the 
speculation. Anthropogenic sources have different speciated Hg profiles 
that affect the concentrations of RGM and PBM in the atmosphere. GEM 
is considered to be mainly from primary emissions. In this study, the 
ratio of RGM/PBM was negatively correlated with GEM (r ¼ –0.37, p <
0.01, Table 2). Since anthropogenic emissions of RGM is much higher 
than PBM according to Hg emission inventory in China (Zhang et al., 
2015), the negative correlation between RGM/PBM ratio and GEM was 
probably due to the conversion of RGM to PBM. 

RM can be re-distributed between gas and particle phases once it 
emits to the atmosphere. Previous studies indicated that the concen-
tration of PM2.5 might affect the formation of PBM via adsorption of 
RGM onto particles (Qin et al., 2019; Zhang et al., 2019). In this study, 
the ratio of RGM/PBM was negatively correlated with PM2.5 overall (r ¼
–0.41, p < 0.01, Table 2). Moreover, the RGM/PBM ratio was averaged 
at each 2 h PM2.5 concentration and the graph revealing the relationship 
between RGM/PBM and PM2.5 was plotted. As showed in Fig. 1, when 
PM2.5 concentration was lower than 15 μg m� 3, the RGM, PBM, and 
RGM/PBM ratio all increased with increasing PM2.5, suggesting a 
dominant influence of primary emissions. When PM2.5 fell in the range 
of 15–100 μg m� 3, the PBM increased, the RGM decreased, and the 
RGM/PBM ratio showed an obvious decreasing trend as PM2.5 increased. 
The phenomenon was probably due to the enhanced conversion of RGM 
to PBM. When PM2.5 exceeded 100 μg m� 3, the RGM/PBM ratio varied 
slightly as PM2.5 increased. Therefore, it is proposed that the gas-particle 
partitioning of RM plays a vital role in variations of RGM and PBM when 
the concentration of PM2.5 was approximately 15–100 μg m� 3. A similar 
concentration threshold (105 μg m� 3) was observed in Shanghai, East 
China (Qin et al., 2019). In following sections, we would like to discuss 
the factors influencing the gas-particle partitioning of RM and to eval-
uate the contribution of RM partitioning on PBM in different seasons. 

3.2. Gas-particle partitioning of RM 

Kp was used for describing RM gas-particle partitioning in the at-
mosphere. Using equation (1), average Kp in Ningbo was 0.24 � 0.43 m3 

μg� 1 over the whole study period. It was comparable to the value in 
Beijing (0.20 � 0.25 m3 μg� 1, Zhang et al., 2019), and some of the values 
in North America (0.20–0.36 m3 μg� 1, Cheng et al., 2014). In this study, 
the Kp values were significantly different among the seasons (K-W 
ANONA test, P < 0.001). As showed in Fig. S2, the Kp values were higher 
in winter than in other seasons on the whole, with median values of 
0.16, 0.15, 0.12, and 0.17 m3 μg� 1 in spring, summer, autumn, and 
winter, respectively. The emission sources of atmospheric Hg might 
impact the seasonality of Kp, because they strongly affected PBM and 

RGM concentrations which directly involved in Kp calculation. In Bei-
jing, Kp was firstly calculated in different seasons and showed higher 
values in autumn and winter than in spring and summer (Zhang et al., 
2019). The difference of Kp among the seasons in Ningbo was not as 
remarkable as that in Beijing, which might be due to the minor seasonal 
difference of temperature in Ningbo. Moreover, RM partitioning was 
widely reported to be a function of temperature and related to aerosol 
chemical compositions (Rutter and Schauer, 2007a). 

3.2.1. Impact of temperature on RM partitioning 
The whole paired 2 h Kp – T data were applied to the empirical 

regression model, yielding an equation of log(1/Kp) ¼ (� 1034 � 169) 
(1/T) þ (4.4 � 0.6) (R2 ¼ 0.59, P < 0.001, Fig. 2a). Some studies have 
found that Kp increased with RH in colder seasons and in high humidity 
environments (Lyman and Keeler, 2005; Liu et al., 2010). So, paired Kp – 
RH data were also treated similarly to paired Kp – T data. Specifically, 
RH was set to each 1% bin and the bins with less than 10 Kp values were 
omitted. The relationship of Kp with RH was tested as log(1/Kp) ¼ a þ b 
RH but no significant correlation was found (R2 ¼ 0.0075, P ¼ 0.23). 
Therefore, T, rather than RH, was the limited meteorological factor of 
RM partitioning. Previous studies also have reported that gas-particle 
partitioning of RM was a function of temperature (Rutter and Schauer, 
2007a; Amos et al., 2012; Cheng et al., 2014; Han et al., 2014; Lee et al., 
2016; Zhang et al., 2019). 

The generated regression equation of this study and those reported 
from previous studies are summarized in Table 3. An inverse correlation 
between Kp and T (Fig. 2a) indicates that RM would partition from gas to 
particle phase with decreasing temperature. The correlation coefficient 
of Kp and T was 0.59, which means temperature explained ~59% of the 
variance in Kp. Rutter and Schauer (2007a) found the Kp values derived 
from filter-based method more depended on temperature than those 
from Tekran method; and attributed it to internal heating (50 �C) of 
Tekran sampling system. Compared the studies all using Tekran method, 
we found that temperature explained a comparable variance in Kp in 
America (R2 ¼ 0.49–0.55) and less Kp variance in Beijing, China (R2 ¼

0.24). The slope of the log(1/Kp) model represents a change in the rate of 
RM partitioning with temperature. The slope was � 1034 � 169 μg K 
m� 3 in this study, which was similar to that reported from Beijing 
(Zhang et al., 2019) and 2–4 times lower than those conducted in 
America (Rutter and Schauer, 2007a; Amos et al., 2012; Cheng et al., 
2014). 

In this study, we found that the points featured by high temperature 
(low 1/T) obviously deviated from the fitting line (Fig. 2a). Hence, linear 
regression analysis was performed throughout the four seasons corre-
sponding to distinct temperature ranges to further investigate the impact 
of temperature on RM partitioning. Linear regressions of log(1/Kp) as a 
function of 1/T in different seasons are shown in Fig. 2b. The correlation 
between Kp and T was close in winter (R2 ¼ 0.93, P < 0.001), followed 
by autumn and spring (R2 ¼ 0.72 and 0.67, P < 0.001), and relatively 
weak in summer (R2 ¼ 0.15, P ¼ 0.11). It is clear that the correlation was 
more remarkable in lower T and temperature explained more for Kp in 
the colder environments. The line’s slope was the highest in winter, the 
lowest in summer, and similarly moderate in spring and autumn. 
Increased slope in winter suggests that RM transferred from gas to 
particle phase more quickly in the colder season. 

3.2.2. Impact of aerosol compositions on RM partitioning 
Aerosol chemical compositions might account for a part of Kp vari-

ance. In addition, the seasonal variation of slope of log(1/Kp) model was 
probably related to aerosol compositions (Rutter and Schauer, 2007b). 
Aerosol chemical compositions of NR-PM1 were used to explore the 
impact of aerosol compositions on gas-particle partitioning of RM, since 
the synchronized data of PM2.5 compositions were unobtainable. In this 
study, a close correlation was observed between NR-PM1 and PM2.5 
concentrations (R2 ¼ 0.52, P < 0.05, Fig. S3a). The difference of 
chemical compositions between PM1 and PM2.5 have been characterized 

Table 2 
Spearman correlations of PBM, RGM, and RGM/PBM ratio with other pollutants.  

Species PBM RGM RGM/PBM 

GEM 0.392 0.010 a � 0.367 
SO2 0.432 0.323 � 0.102 
NO2 0.358 0.143 � 0.194 
CO 0.263 0.046 � 0.214 
O3 0.065 0.153 0.106 
PM10 0.546 0.130 � 0.379 
PM2.5 0.542 0.098 � 0.410  

a Correlation is not significant, while others are significant at p < 0.01 level. 
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by previous studies. For example, a study based on filter measurement 
found that the contribution differences of chemical species (like organic 
matter, SO4, NO3, NH4, and Chl) between PM1 and PM2.5 were less than 
4% (Zhao et al., 2017). The difference in chemistry between PM1 and 

PM2.5 measured by aerosol mass spectrometers was not very consistent 
in previous studies (Zhang et al., 2017b; Sun et al., 2019). However, it is 
agreed that the chemical difference was affected by the level of PM 
concentration and RH. The latest study found that the contribution 
differences of chemical species became large under the highly polluted 
events and fog period (Sun et al., 2019, Fig. S3b). In this study, the PM2.5 
values rarely exceed 100 μg m� 3 (Fig. S3a) and the frequency of fog (RH 
¼ 100%) was less than 20%. Therefore, it could be speculated a com-
parable contribution of chemical species between PM1 and PM2.5. 

To be more clear, the Kp values during the period of aerosol com-
positions observation were grouped into 17 intervals (<0.02, 0.02–0.04, 
0.04–0.06, 0.06–0.08, 0.08–0.1, 0.1–0.12, 0.12–0.14, 0.14–0.16, 
0.16–0.18, 0.18–0.2, 0.2–0.25, 0.25–0.3, 0.3–0.35, 0.35–0.4, 0.4–0.6, 
0.6–0.8, >0.8 m3 μg� 1) and each Kp interval contained 84–260 Kp values 
(2978 Kp in total). The relationships between Kp intervals and aerosol 
compositions are shown in Fig. 3 and Fig. S4. The Kp generally increased 
with the increasing fraction of Org in aerosols (Fig. S4) and they had a 
close relationship (R2 ¼ 0.40, P < 0.05). A field study in Shanghai, China 
also reported that PBM was strongly correlated with carbonaceous 
components (Duan et al., 2016). It has been indicated that carbonaceous 
components could enhance the transformation of air pollutants through 
heterogeneous reactions (Song et al., 2012; Han et al., 2018). Therefore, 
the positive correlation between Org and Kp in this study suggests that 
RM trended to partition toward particle phase with more organic 
fraction. 

As showed in Fig. S4, the Kp generally increased with increasing 
fractions of NO3 and Chl in aerosols. Kp was observed to be positively 
correlated with NO3 and Chl (R2 ¼ 0.27 and 0.34, P < 0.05). A positive 
correlation between Kp and Chl was also observed in Beijing based on 

Fig. 1. Relationship of PBM (a), RGM (b), and RGM/PBM ratio (c) with PM2.5. The dash lines represent the PM2.5 concentrations of 15 μg m� 3 and 100 μg m� 3, 
respectively. 

Fig. 2. Regression analyses of log(1/Kp) as a function of 1/T (a) during the whole study period and (b) in different seasons.  

Table 3 
Regression equations of log(1/Kp) as a function of 1/T in Ningbo and other areas.  

Period Interval 
of Kp 

Regression 
equation 

R2 T range 
(�C) 

Reference 

Ningbo, 
China 

2 h log(1/Kp) ¼
(� 1034 � 169) 
(1/T) þ (4.4 �
0.6) 

0.59 � 0.8–34.6 This study 

Beijing, 
China 

2 h log(1/Kp) ¼
� 1082 (1/T) 
þ 5 

0.24  Zhang et al. 
(2019) 

Yongheung 
Island, 
Koreaa 

12 h log(1/Kp) ¼
� 3362.7 (1/T) 
þ 13.5 

0.18  Lee et al. 
(2016) 

5 North 
America 
sites 

24 h log(1/Kp) ¼
� 2500 (1/T) 
þ 10 

0.49  Amos et al. 
(2012) 

2 North 
American 
sites 

2–4 h log(1/Kp) ¼
� 3485 (1/T) 
þ 13 

0.55 � 17–33 Cheng et al. 
(2014) 

Urban sites in 
USA 

24 h log(1/Kp) ¼
� 1710 (1/T) 
þ 7 

0.49  Rutter and 
Schauer 
(2007a) 

Urban sites in 
USA1 

24 h log(1/Kp) ¼
� 4250 (1/T) 
þ 15 

0.77   

a Filter-based method. Tekran method for others. 
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filter measurements (Zhang et al., 2019). On the other hand, the Kp 
mostly increased with the decreasing fraction of SO4 and their correla-
tion was significantly negative (R2 ¼ 0.32, P < 0.05). The correlation 
between Kp and NH4 was also negative. Our study confirms the results of 
Rutter and Schauer (2007b) in the laboratory which reported that ni-
trate and chloride particles had high Kp and ammonium sulfate had low 
Kp. 

In this study, Org, NO3, and Chl were abundant in particles in spring 
and winter (Table S3), which were beneficial to RM partition toward 
particle phase. While in summer and autumn, particles were charac-
terized by more SO4 and NH4, which trended to partition RM toward gas 
phase. Accordingly, increases of chemical components beneficial for RM 
partitioning toward to particle phase could explain the higher slope of 
log(1/Kp) model in winter, and the reverse happened in summer. 

3.3. Contribution of RM partitioning to PBM 

As mentioned above, PBM was closely correlated with GEM and gas 
pollutants, such as SO2 and NO2, indicating an important contribution of 
primary emissions to PBM. In addition, the adsorption of RGM onto 
particle is one of the well-known sources of PBM, which was different 
among the seasons relating to temperature and aerosol compositions. 
PCA-MLR was conducted to evaluate the contributions of potential 
sources to PBM. As a result, two principle factors with eigenvalues 
higher than 1 were extracted (Table S4). One factor (F1) explaining 
49.1% of variance was characterized by air pollutants and PBM. As we 
know, SO2 is a tracer for coal combustion, NO2 is considered as an 

indicator of traffic emissions, while CO mainly comes from burning of 
fossil fuels. Therefore, this factor was considered as direct emissions 
from sectional anthropogenic sources. The other factor (F2) explained 
14.8% of variance and showed high loadings of Kp and moderate load-
ings of PBM and PM, which could be interpreted as the formation of PBM 
via gas-particle partitioning of RM. The two factors accounted for 64.0% 
of total variance and the rest might be attributed to natural sources and 
unidentified anthropogenic sources. Nonferrous smelters and cement 
production are considered to be two main sources of PBM in China 
(Zhang et al., 2015), but their typical tracers could not be involved in the 
PCA analysis of this study. Despite all this, the two factors identified as 
sectional primary emissions and RM partitioning were analyzed using 
MLR. 

The formation of PBM via gas-particle partitioning of RM probably 
has an important contribution to PBM in the atmosphere as the YRD 
region of China is severely particle polluted. MLR analysis was applied 
on the PCA factor scores to evaluate the contribution of RM partitioning 
to PBM among different seasons. The correlation between observed and 
re-constructed PBM was close (R2 ¼ 0.58), suggesting the results of PCA- 
MLR were reliable. The MLR results for PBM during the four seasons are 
shown in Table 4. The correlation coefficient R2 of regression equations 
was higher in autumn and winter than in spring and summer. Thus, the 
two sources explained variations of PBM more in the colder seasons. For 
the part of explainable PBM, sectional primary emissions had a 
remarkably higher contribution of 71.7% compared to RM partitioning 
(28.3%) in summer. Whereas, sectional primary emissions and RM 
partitioning relatively contributed 60.8% and 39.2% to PBM in winter, 
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respectively. The relative contribution of RM partitioning to PBM 
showed an obviously increase from 28.0% in spring and 28.3% in 
summer to 31.2% in autumn and 39.2% in winter. As we know, intense 
human activities such as coal combustion in winter would increase the 
emission of PBM to the atmosphere. On the other hand, the formation of 
PBM via RM partitioning also enhanced in the cold season as mentioned 
above. Our results suggest that enhanced RM partitioning due to bene-
ficial temperature and aerosol compositions in winter mostly weaken 
the relative contribution of primary emissions to PBM. 

4. Conclusion 

This study focused on the role of gas-particle partitioning of RM in 
the variations of PBM and RGM was conducted in Ningbo. Averaged 
concentrations of PBM and RGM were 316 � 377 pg m� 3 and 100 � 123 
pg m� 3, respectively. The average fraction of PBM in RM was 73% and 
the ratio of RGM/PBM was the highest in summer (0.73 � 1.31) and the 
lowest in winter (0.35 � 0.56). Partitioning of RM between gas and 
particle phases was affected by PM2.5 concentration. When PM2.5 fell in 
the range of 15–100 μg m� 3, the conversion of RGM to PBM was 
enhanced as PM2.5 increased. The partitioning of RM was strongly 
dependent on temperature and aerosol chemical compositions. An 
empirical relationship of Kp as a function of T developed over the 
combined data was log(1/Kp) ¼ (� 1034 � 169) (1/T) þ (4.4 � 0.6). The 
relationship between Kp and T was obviously different among the sea-
sons. T explained more for Kp and RM transferred quickly to particle 
phase in the cold season. On the other hand, RM trended to partition 
toward particle phase with more Org, NO3 and Chl fractions, while RM 
trended to partition toward gas phase when particles were abundant in 
SO4 and NH4. The relative contribution of gas-particle partitioning of 
RM to PBM varied among the seasons, with 28.0% to in spring, 28.3% in 
summer, 31.2% in autumn, and 39.2% in winter. Whereas, the relative 
contributions of sectional primary emissions to PBM were 71.7% in 
summer and 60.8% in winter. Benefiting from low temperature and 
abundant Org, NO3 and Chl in aerosols, RM partitioning toward particle 
phase was enhanced and mostly weaken the relative contribution of 
primary emissions to PBM in cold seasons. 
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